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ABSTRACT 

 

Kiser, W. R. Suppression of reed canarygrass for large-scale floodplain forest restoration 

across four sites in southeast Minnesota, USA. MS in Biology, May 2019, 65 pp. (M. 

Thomsen) 

  

Experiments can provide insight on whether invasive plant dominance is caused by 

superior competitive ability (driver) or by environmental changes that facilitate plant 

invasion (passenger). Reed canarygrass (Phalaris arundinacea, hereafter RCG) displaces 

native plants and forms near-monocultures in North American wetlands. In the Upper 

Mississippi River (UMR) system, floodplain forests are negatively impacted by RCG 

invasion. We tested two RCG control techniques on a reforestation project at four sites in 

SE Minnesota. Treatments consisted of (1) applying glyphosate (Rodeo) herbicide and 

(2) mulching followed by applying sulfometuron methyl (Oust XP) herbicide. Treatments 

were applied in Fall 2016. We monitored herbaceous plant response and RCG 

performance over the 2017 and 2018 growing seasons. We also calculated the number of 

days flooded in each plot for the 2017 growing season using linear interpolation of river 

gauge data. Both treatment methods significantly reduced RCG performance relative to 

controls during the 2017 growing season; however, RCG performance in treatment plots 

was similar to control plots during the 2018 growing season. Herbaceous plants increased 

in species richness and cover relative to control plots, although volunteer plant diversity 

varied among sites. These results indicate that follow-up herbicide applications are 

necessary to control RCG to facilitate tree establishment. Further, flooding and lack of 

native propagules may be factors in RCG invasions. Our results indicate that RCG may 

behave as a driver in some parts of the UMR and as a passenger in parts of the UMR that 

are more affected by hydrologic alteration. 
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INTRODUCTION 

Biological invasion from non-indigenous plants is a prominent threat to ecological 

communities. Most invasions are characterized by a non-indigenous plant negatively 

affecting native species through competitive exclusion (Catford et al., 2012; Maurer et 

al., 2003; Simberloff & Von Holle, 1999).  Negative effects on native plants are often 

associated with loss of biodiversity as native species richness and cover are reduced 

(Catford et al., 2012; Fink & Wilson, 2011). Ecological restoration is a management tool 

to undo the damage of invasive plants. In such cases, management efforts focus on 

removing the invader (Lindenmeyer et al., 2015), restoring natural ecosystem processes 

(e.g. fire), reintroducing native plant propagules (MacDougall & Turkington, 2005, 

2007), or a combination of these approaches (Fink & Wilson, 2011; Foster & Wetzel, 

2005; Thomsen, Brownell, Groshek, & Kirsch, 2012).  

 Invasive plants characterized as “drivers” dictate community structure through 

superior competitive ability, whereas “passenger” species invade a site in response to 

environmental changes that negatively affect the community (Bauer, 2012; Catford, 

2016; Lindenmeyer et al., 2015; MacDougall & Turkington, 2005). While the drivers 

versus passengers conceptual framework is a useful starting point, the dynamics of plant 

invasion likely occur over a continuum between these two concepts (Bauer, 2012). For 

example, an invasive plant may initially enter a system as the result of altered 

environmental conditions but then may further affect conditions in a way that increases 

its own fitness (Suding, Gross, & Houseman, 2004; Zedler, 2009). In such a scenario, an 
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invader is behaving first as a passenger and then as a driver (Bauer, 2012; Lindenmeyer 

et al., 2015). Studies on the restoration of communities impacted by invasive plants can 

provide insights into the underlying dynamics of the invasion (Bauer, 2012; Catford, 

2016; Lindenmeyer et al., 2015; MacDougall & Turkington, 2005). By following the 

investigative process depicted in Figure 1 (Catford, 2016), studies on the restoration of 

sites impacted by invasive plants can help determine whether the invader is the cause of 

ecological change or an outcome of it.  

Our study system is the Upper Mississippi River (UMR) floodplain forest, which 

is negatively impacted by the invasive grass Phalaris arundinacea (reed canarygrass, 

Figure 1. Process flow chart for evaluating whether reed canarygrass (Phalaris 

arundinacea) is a passenger or driver. Adapted from Catford (2016) and Lindenmeyer 

et al. (2015). 
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hereafter RCG). While RCG can grow in a wide range of habitats, RCG invasion 

threatens a wide variety of North American wetlands due to its ability to displace native 

plants and form near-monocultures (Barnes, 1999; Lavergne & Molofsky, 2004, 2006; 

Price, Spyreas, & Matthews, 2018; Zedler & Kercher, 2004). RCG is usually 1-2 m in 

height, long-lived, and can maintain photosynthetic ability when roots are submerged 

(Lavergne & Molofsky, 2004). Early-season growth through rapid height gain and 

horizontal spread results in RCG’s ability to shade out competitors (Lavergne & 

Molofsky, 2004). RCG reproduces both through vigorous annual seed production as well 

as vegetatively, via underground rhizomes (Lavergne & Molofsky, 2006). The 

accumulation of litter in areas dominated by RCG can delay the spring emergence of 

wetland plants by slowing the warming of soil; further, RCG has been shown to have 

vigorous growth, despite delayed spring emergence, where there are greater amounts of 

litter, suggesting a positive feedback mechanism (Kaproth, Eppinga, & Molofsky, 2013; 

Zedler, 2009). Although it is accepted that RCG is native to North America (Jakubowski, 

Casler, & Jackson, 2013), repeated human introductions of Eurasian genotypes and self-

incompatibility have resulted in the loss of native genotypes; as such, North American 

populations of RCG are genetically similar to European populations and exhibit a high 

degree of within-population genetic diversity (Jakubowski et al., 2013; Lavergne & 

Molofsky, 2007; Nelson & Anderson, 2015; Nelson, Anderson, Casler, & Jakubowski, 

2014). High genetic diversity makes RCG adaptable to a wide range of habitat types and 

contributes to its invasiveness (Brodersen, Lavergne, & Molofsky, 2008; Nelson & 

Anderson, 2015).  
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Physical, chemical, and biological control methods have been tested for their 

ability to suppress RCG in restoration settings (reviewed in Lavergne & Molofsky, 2006). 

Combinations of tillage, herbicide, fire, and seeding with native species have been 

demonstrated as potentially effective; however, results have been mixed, thus more 

research is needed to develop integrated approaches to suppress RCG for restorations 

(Foster & Wetzel, 2005; Hovick & Reinartz, 2007; Lavergne & Molofsky, 2006; Maurer 

et al., 2003; Miller-Adamany, Baumann, & Thomsen, in press; Thomsen et al., 2012). 

Herbicide is often used because it can be applied over large areas (reviewed in Lavergne 

& Molofsky, 2006); Reinhardt Adams and Galatowitsch (2006) showed that late-August 

to late-September herbicide applications on RCG are nearly twice as effective as spring 

applications. Negative effects on desirable plants can be minimized by using selective 

herbicides or applying chemical during periods when other species are dormant and RCG 

is actively growing (Hovick & Reinartz, 2007; Miller-Adamany et al., in press; Thomsen 

et al., 2012). The root systems of RCG have both active and dormant rhizomatous buds, 

and these dormant buds can be activated following a suppression treatment, so multiple 

control treatments are often needed (Annen, 2010; Bahm, Barnes, & Jensen, 2014). 

Reducing RCG canopy cover while promoting the growth of shade-producing native 

plants is a promising method to restore native communities (Hovick & Reinartz, 2007; 

Reinhardt Adams, Kauth, & Sorenson, 2011; Thomsen et al., 2012). Miller-Adamany et 

al. (in press) had positive results in restoring floodplain forest using an initial October 

herbicide application, followed by planting floodplain forest trees and shrubs, with a 

second late-fall herbicide application after planted stock had senesced. By disrupting 

RCG growth long enough to allow tree and shrub establishment, reforestation is a 
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potential restoration opportunity for RCG-dominated areas (Annen, Kirsch, & Tyser, 

2008; Foster & Wetzel, 2005; Hovick & Reinartz, 2007; Merriman, 2014; Miller-

Adamany et al., in press; Thomsen et al., 2012).  

RCG has increasingly become a major issue in UMR floodplain forest (Romano, 

2010); despite little mention by Curtis (1959), RCG is now widespread in the UMR and 

is common in the understory of existing floodplain forest (De Jager, Rohweder, & Hoy, 

2017; Guyon & Battaglia, 2018; Johnson, Mudrak, & Waller, 2014). Canopy gaps 

created by wind-throw or upheaval during flooding are often invaded by RCG (Romano, 

2010; Thomsen et al., 2012). RCG outcompetes young trees; tree seedling density has 

been shown to be inversely proportional to RCG cover (Cogger, De Jager, Thomsen, & 

Reinhardt Adams, 2014; Romano, 2010), and tree seedlings do not survive in untreated 

areas of RCG (Reinhardt Adams et al., 2011; Thomsen et al., 2012). As such, RCG has 

been characterized as “likely” the most damaging of all invasive plant species in the 

UMR floodplain forest system (Guyon, Deutsch, Lundh, & Urich, 2012). Floodplain 

forest losses in the UMR are estimated to be 50-75% due to conversion to agricultural 

lands, urbanization, and permanent inundation due to the lock and dam system (De Jager 

& Rohweder, 2017; Knutson & Klaas, 1998), making them a high priority for restoration 

among land managers (Guyon et al., 2012). 

As part of a multi-partner research project to restore RCG-dominated floodplains 

of the UMR, our project focuses on the herbaceous plant and volunteer tree seedling 

response to two methods of RCG suppression (Questions 1 & 2, Fig. 1). While the 

majority of restoration research projects are carried out over smaller scales (e.g. plot sizes 

less than 30 m2), using the results from these studies to scale up restoration efforts may 
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be difficult (Kettenring & Reinhardt Adams, 2011; Lamb, 2018). Few studies have tried 

to apply small-scale results to larger scales (Kettenring & Reinhardt Adams, 2011); as 

such, one of our major objectives is to test the demonstrated methods of Miller-Adamany 

et al. (in press) at the restoration-scale using larger plot sizes (2023 m2 versus 36 m2) on 

multiple sites in the UMR region. Furthermore, for successful restoration, understanding 

the target setting for restoration efforts is necessary (Miller et al., 2017), and yearly 

climactic variations during restoration can have long-term influence on community 

composition and restoration success (Groves & Brudvig, 2018; Healy, Rojas, & Zedler, 

2015; Kettenring & Reinhardt Adams, 2011). Understanding the short- and long-term 

influence of flooding on UMR floodplains is important to future restoration, so we 

completed a spatial analysis that examined the potential effect of flooding on the four 

research sites using GIS data and historical water elevation gauge data from the 

Mississippi River and applicable tributaries. Flood effects were analyzed for both the 

2017 growing season as well as long-term flooding patterns. We designed this field 

experiment to investigate the following questions: 

a. How effective are Rodeo™ (glyphosate) and Oust™ herbicides at 

controlling RCG in UMR floodplains for more than one growing season?  

b. What is the practicality of using demonstrated small-scale RCG 

suppression techniques on large-scale restorations? 

c. What are the capacities of natural community assemblages to regenerate 

passively following RCG suppression in the UMR? 
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d. What are the effects of 2017 (year effects) versus long-term average 

flooding (landscape position effects) on plant response to RCG 

suppression in UMR floodplains? 

We studied these questions to determine whether RCG acts as a passenger or driver in the 

UMR using the framework presented in Figure 1. Questions ‘a’ and ‘b’ relate to the 

effectiveness of the treatments in the passengers versus drivers framework (Question 1, 

Fig. 1). Questions ‘c’ and ‘d’ relate to whether native vegetation returns following RCG 

control (Question 2, Fig. 1). Flooding is an important influence on wetland plant 

establishment (Kercher & Zedler, 2004) and vegetation dynamics in the UMR (De Jager, 

Cogger, & Thomsen, 2013; De Jager, Swanson, Strauss, Thomsen, & Yin, 2015; De 

Jager, Thomsen, & Yin, 2012). In regard to question ‘d,’ we used this analysis to 

determine if any observed variation in volunteer plant response across plots or sites was 

due to flooding rather than the capacity of other plants to revegetate passively following 

RCG suppression.   
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METHODS 

UMR Floodplain Forests 

Since the 1850s, the Upper Mississippi River (UMR) has been altered for 

transportation, flood control, shipping, and water supply; the current lock and dam 

system was completed in the 1940s to maintain a 2.74-meter (9-feet) channel depth for 

shipping (Romano, 2010). Despite UMR forest losses due to conversion to agricultural 

lands, urbanization, and permanent inundation due to the lock and dam system (Knutson 

& Klaas, 1998), floodplain forest in the UMR is relatively well-represented when 

compared to other Upper Midwest community types (Curtis, 1959; De Jager & 

Rohweder, 2017; Johnson & Waller, 2013). Primary overstory tree species in the UMR 

floodplain include Acer saccharinum (silver maple), Fraxinus pennsylvanica (green ash), 

and Ulmus americana (American elm); additionally, Betula nigra (river birch), Populus 

deltoides (Eastern cottonwood), Quercus bicolor (swamp white oak), Celtis occidentallis 

(common hackberry), and Salix nigra (black willow) are common (Curtis, 1959; De Jager 

et al., 2012; Guyon & Battaglia, 2018; MN DNR, 2018b; WI DNR, 2018). Common 

herbaceous plants include Laportea canadensis (Canada nettle), Boehmeria cylindrica 

(smallspike false nettle), Helenium autumnale (common sneezeweed), Urtica dioica 

(common nettle), Carex lupulina (hop sedge), and Elymus virginicus (Virginia wildrye) 

(Guyon & Battaglia, 2018; WI DNR, 2018).  

Historically, flooding was the primary disturbance to the system, and bottomland 

forests frequently received additions of silt during flood events (Curtis, 1959). Flood 
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tolerance is a major driver of floodplain forest composition (De Jager et al., 2012; 

Knutson & Klaas, 1998; Romano, 2010; Turner, Gergel, Dixon, & Miller, 2004). 

Hydrologic alteration of large river systems in the Upper Midwest has changed floodplain 

forest successional trajectories (Dixon & Turner, 2006) and has resulted in decreased 

basal area, decreased among-stand diversity, and shifts in tree species composition 

(Johnson & Waller, 2013). Indeed, forest composition in the UMR has shifted since the 

late-1800s, resulting in lower tree density, increased dominance of silver maple, 

decreased representation of early successional species (e.g. sandbar willow, river birch, 

and swamp white oak), and lower overall diversity (Guyon et al., 2012; Knutson & Klaas, 

1998; Romano, 2010). 

Floodplain forest systems are important to the UMR for their role in hydrologic 

cycling, providing a carbon source for river nutrient processing, and supporting wildlife 

habitat (MN DNR, 2018b; WI DNR, 2018). Due to their longitudinal distribution along 

river systems, these forests help to provide an important migration corridor for wildlife 

such as migratory songbirds (Kirsch, Heglund, Gray, & McKann, 2013); as such, land 

managers seek to restore forest cover to increase wildlife habitat area and connectivity 

(Guyon et al., 2012; Romano, 2010). Priority wildlife benefitting from restoration include 

neotropical migratory songbirds, waterfowl, heron and egrets (which nest in forested 

rookeries), as well as federally-endangered Eastern Massasauga Rattlesnake (Sistrurus 

catenatus catenatus) and Indiana Bat (Myotis sodalis; Guyon et al., 2012; MN DNR, 

2018b; Romano, 2010; WI DNR, 2018). 
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Study Sites 

This study is part of a reforestation project using a randomized-block design of 68 

plots across four sites in southeast Minnesota (Table 1; Fig. 2). All plots were established 

in areas with average cover greater than 95% RCG prior to treatment; these were laid out 

in 44.8-m by 44.8-m squares (2023 m2) in a grid configuration, with the exception of 

Collischan. Plots here were irregularly shaped and boundaries were marked with GPS. 

We marked all plot corners with 2.1-m lengths of PVC painted at the top to identify plot 

type. 

Treatments were randomly assigned to plots at each site; treatments consisted of 

Control, application of Rodeo herbicide (active ingredient glyphosate, Dow 

AgroSciences, Indianapolis, IN), and application of Oust XP herbicide (hereafter Oust, 

active ingredient sulfometuron methyl, Bayer, Research Triangle Park, NC). Because 

Oust has a soil-residual mode of action, all Oust plots were mulched prior to herbicide 

application. Except for Collischan, each site consisted of four Control plots, eight Rodeo 

plots and eight Oust plots. The Collischan site consisted of two Control, three Rodeo, and 

Table 1. Location and ownership of four research sites in SE Minnesota (MN). 
  

 

 Site Name  Ownership  Latitude/Longitude 

      

 

   °N Lat. °W Long. 

    

 

 Collischan MN Department of Natural Resources 44° 35’ 22.5” 92° 36’ 53.2” 

 

 Root River U.S. Fish and Wildlife Service 43° 46’ 59.6” 91° 18’ 59.6” 

 

 Whalen U.S. Fish and Wildlife Service 43° 30’ 25.1” 91° 16’ 42.9” 

 

 Whitewater MN Department of Natural Resources 44° 8’ 58.5” 92° 18’ 7.9” 
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four Oust plots. Initial RCG suppression treatments were applied in Fall 2016. A certified 

pesticide applicator completed Rodeo treatments October 24 – 28, 2016. Rodeo herbicide 

solution consisted of 11.4 L (384 ounces) of Rodeo, 0.71 L (24 ounces) of Methylated 

Seed Oil (MSO), and 272.55 L (72 gallons) of water. The applicator used a boomless 

sprayer (Warne Chemical and Equipment Co., Rapid City, SD) mounted in a 

4-wheel-drive Utility Task Vehicle (Polaris Ranger, hereafter UTV, Polaris, Medina, 

MN). Plots were sprayed at a rate of approximately 22.7 L (6 gallons) of herbicide 

solution per plot, which equates to an active ingredient application rate of approximately 

4.45 L per hectare (61 fluid-ounces per acre, label-recommended rate is 48 – 72 

Figure 2. Map of the four research sites in SE Minnesota. Treatments were randomly 

assigned to plots at each site, and are color coded for Control (white), Rodeo (green), 

and Oust (orange) plots. 
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fluid-ounces per acre). A contractor mulched Oust plots in early November 2016 using a 

Fecon forestry mulcher (Fecon Incorporated, Lebanon, OH) mounted on a tracked skid 

steer (ASV Holdings, Inc., Grand Rapids, MN). Oust herbicide solution consisted of 88.6 

grams (3.125 ounces) Oust and 283.9 L (75 gallons) water. Following mulching, a 

pesticide applicator applied Oust solution at a rate of approximately 22.7 L per plot, 

which equates to an active ingredient application rate of approximately 35.0 grams per 

hectare (0.5 ounces per acre), using the same equipment as for the Rodeo application.  

From April 10, 2017 through May 5, 2017, plots were planted with tree species 

common to UMR floodplain forest using bare root and container stock. Seedlings were 

planted at a rate of approximately 208 trees per plot, of which 30 were container stock. 

Trees were planted with 2.6-m x 2.6-m spacing and planted using dibble bars (bare root 

stock) and shovels (container stock; see DeLaundreau, 2019). We intended to repeat the 

herbicide applications in Fall 2017 after trees senesced as in Hovick & Reinartz (2007), 

Thomsen et al. (2012), and Miller-Adamany et al. (in press); however, weather 

conditions prevented the repeat application.  

Plant Response Data Collection 

We measured plant response to RCG suppression treatments once per month in 

June through August 2017 and May through August 2018 (total of seven sampling 

periods); however, we were unable to complete sampling at Collischan and Whalen in 

June 2018 due to flooding. Plant data were collected using a 1-m2 quadrat placed at five 

fixed intervals of 0 m, 8 m, 16 m, 24 m, and 32 m along a transect. These transects ran 

from south to north and were located along the midline between two rows of planted 

trees, beginning 3.05 m from the south boundary of each plot. We laid out transects in a 
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similar manner in the irregularly shaped plots at Collischan; however, in cases where the 

transect length exceeded plot dimensions, we completed the remainder of the transect 

length in subsequent rows. Sampling transects within each month were randomly 

assigned and not repeated throughout the study. We relocated transects in a small number 

of cases when they fell within strips of RCG that were missed in herbicide treatments.  

Plants within each quadrat were identified to species using conventions from 

Chadde (2013) and we used nomenclature as published on the National Wetland Plant 

List (USACE, 2018a). Percent cover of RCG, other herbaceous plants, tree seedlings, 

litter, and bare ground were visually estimated and assigned to cover classes consisting of 

0 (not present), 1 (>0 – 5%), 2 (>5 – 25%), 3 (>25 – 50%), 4 (>50 – 75%), 5 (>75 – 

95%), and 6 (>95%). We transformed cover class values to the midpoint for data 

analyses. We measured plant height and litter depth in three standardized points within 

each quadrat; plant heights were measured for RCG and other herbaceous plants. Plant 

heights were measured by recording the tallest leaf nearest to the meter stick; that is, they 

were not manually straightened for measurement. We identified and counted volunteer 

tree seedlings within each quadrat to species, and then recorded the heights of the three 

tallest individuals. We counted the number of RCG flowering culms within quadrats in 

June of both years. Measurements that could not be taken due to flooding were recorded 

as ‘no data’ and were not considered for data analyses. Quadrat values were averaged for 

each plot within each sampling month for data analyses.  

Data Analyses 

We analyzed plant response to restoration treatments in RStudio (RStudio Team, 

2018). For RCG cover, RCG height, litter cover, and litter depth, we used mixed-effects 
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linear models using maximum likelihood through the ‘lmer’ function in the ‘lme4’ 

package (Bates, Mächler, Bolker, & Walker, 2015). Within models for each of these 

response variables, we nested ‘plot’ within ‘site’ and set this as the random effect while 

‘treatment’ was set as a fixed effect. We evaluated the assumption of normality of 

residuals using the Shapiro-Wilk normality test (‘shapiro.test’ function; R Core Team 

2018) and by inspecting residual plots; data not meeting this assumption were rank 

transformed using the ‘rank’ function (R Core Team, 2018). We assessed the significance 

of the explanatory variables and interaction terms using Type II Wald chi-square tests 

through the ‘Anova’ function in the ‘car’ package (Fox & Weisberg, 2011). We 

completed post-hoc tests using Tukey’s honest significant difference (HSD) test through 

the ‘lsmeans’ function (Lenth, 2016). Because site was used as a blocking factor, we 

focused our post-hoc analyses on comparisons among treatments within each site, within 

sampling month. To evaluate flowering culm production and non-RCG species richness, 

we used a two-way ANOVA through the ‘aov’ function (R Core Team, 2018) with 

‘treatment’ and ‘site’ set as factors. To better meet residual normality assumptions, we 

transformed species richness and 2017 flowering culms data using the ‘transformTukey’ 

function (Mangiafico, 2018).  

To evaluate the effects of flooding on plant response, we calculated the proportion 

of the growing season that each plot was flooded for both 2017 (April 1 – July 31, 2017) 

and over long-term ( 6 years, 2004 – 2017) trends using the data summarized in Table 2. 

Mean plot elevations were calculated from 1-meter Digital Elevation Model (DEM) data 

using the Zonal Statistics tool in ArcGIS 10.1 (Esri, 2018). We visually inspected plot 

elevations and used the ArcGIS flow direction tool to determine hydrologic influences of 
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applicable tributaries and the Mississippi River for each site. Through this, we 

determined that Collischan was not directly influenced by the floodwaters from the 

Cannon River due to a levee system; rather, floodwaters at Collischan were primarily 

from the Mississippi. Likewise, we determined floodwaters at Whalen to be primarily 

from the Mississippi. In contrast, we determined that the floodwaters at Whitewater and 

Root River sites were exclusively from the tributaries (Whitewater River and Root River, 

respectively).  

Growing season flood days for each plot were determined by using linear 

interpolation of river gauge data similar to De Jager et al. (2012). This was completed by 

obtaining historical river gauge data from the Mississippi River and applicable tributaries 

Table 2. Summary of data used to calculate proportion of growing season days flooded 

for other cover versus reed canarygrass (RCG) cover multivariate regression analysis. 

Data were sourced from the U. S. Geological Survey (USGS), U. S. Army Corps of 

Engineers (USACE), and Minnesota Department of Natural Resources (MN DNR). 
  

 

 Dataset Description Source 

    

 

 DEM for each site 1-meter Digital Elevation Model data were used for 

each site to calculate average elevation in each plot, 

assess influence of Mississippi River and applicable 

tributaries on flooding at each site and calculate both 

2017 and long-term mean flood days at each site 

 

USGS 

 2017 flood data 2017 flood data for each site were calculated by using 

linear interpolation of Mississippi River and 

applicable tributary water elevation gauge data for 

April 1, 2017 – July 31, 2017 

  

USGS, USACE, 

MN DNR 

 Long-term flood data Long-term growing season flood data for each site 

were calculated using linear interpolation of 

Mississippi River and applicable tributary water 

elevation gauge data. Due to limitations in data 

availability, long-term means were calculated for 

April 1, 2007 – September 30, 2016 at Collischan; 

April 1, 2008 – September 30, 2013 at Whitewater; 

April 1, 2004 – September 30, 2013 at Root River; 

and April 1, 2007 – September 30, 2015 at Whalen. 

USGS, USACE, 

MN DNR 
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for each site (MN DNR, 2018a; USACE, 2018b; Table 2). We defined the growing 

season as April 1 – September 30 (183 days). Site water elevation (SWE) was then 

calculated as follows: 

𝑆𝑊𝐸 =
(Elupstream −  Eldownstream)  ×  (Milesite – Miledownstream) 

(Mileupstream − Miledownstream)
+ Eldownstream 

Where: 

1. Elupstream = Upstream gauge water elevation  

2. Eldownstream = Downstream gauge water elevation 

3. Milesite = River-mile of site 

4. Mileupstream = River-mile of upstream gauge 

5. Miledownstream = River-mile of downstream gauge 

Flow in the tributaries was influenced by the Mississippi River, thus Mississippi River 

water elevation was used for the downstream level for the tributaries at the point of 

confluence for both the Whitewater and Root River sites. This was due to neither 

tributary having a river gauge installed downstream of our study sites. Thus, Mississippi 

River elevation calculations were nested within tributary elevation calculations for the 

Whitewater and Root River sites. We validated site water elevations by installing trail 

cameras at each site; these were set to take daily photographs to validate plot flooding as 

predicted by linear interpolation models. After visually assessing days flooded versus not 

flooded in trail camera photographs, we adjusted the predicted flood values at each site 

with a coefficient in the linear interpolation formulas to match flood conditions observed 

in photographs. Water elevation data for 2017 were only used through July 31 due to 

plant sampling occurring in early August.  
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Due to data availability, long-term flood day calculations varied among sites for 

Collischan (2007 – 2016), Whitewater (2008 – 2013), Root River (2004 – 2013), and 

Whalen (2007 – 2015). Long-term flood days within a given plot were averaged per 

growing season over the course of time evaluated. In long-term analyses, missing data 

were handled by averaging the day prior to and after the missing value. When more than 

one consecutive day was missing, missing data were calculated using regression based on 

the existing data for that year. This was done for the Lake City gauge for 5 days in 2009 

and 40 days in 2016 (used to estimate water levels at Collischan) as well as the Lansing 

gauge for 18 days in 2014 (used for Whalen). In all of these cases, R2 values for the 

regression equations exceeded 0.90.  

We modeled the response of other species percent cover as a function of RCG 

percent cover while testing the importance of four candidate explanatory variables to 

determine a best-fit model; these candidate explanatory variables included site, 2017 

flood days, long-term flood days, and treatment. We completed this multivariate 

regression using the ‘lm’ function (R Core Team, 2018). We transformed other species 

percent cover using the ‘transformTukey’ function to better meet residual normality 

assumptions. We utilized corrected Akaike Information Criterion (AICc; ‘ICtab’ function; 

Bolker & R Development Core Team, 2017) to determine a best-fit model, where the 

model with the least AICc value was selected as best-fit (Burnham & Anderson, 2002; 

Symonds & Moussalli, 2011). Our null model was simply other species percent cover (y) 

as a function of RCG percent cover (𝑥𝑅𝐶𝐺): 

Null Model: 𝑦 = 𝜀 + 𝛽0 + 𝛽𝑅𝐶𝐺𝑥𝑅𝐶𝐺 
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where 𝜀 is the error term, 𝛽0 is the intercept, and 𝛽𝑅𝐶𝐺  is the slope. Next, we added terms 

to our null model to test the effects of the various candidate explanatory models; we 

tested both an additive and interactive model for each candidate explanatory variable and 

selected the model with the lowest AICc for final model comparisons. To test the effects 

of flooding on other plant percent cover responses, we used additive models for 2017 

flooding (𝑥2017) and long-term flooding (𝑥𝐿𝑇): 

2017 flooding: 𝑦 = 𝜀 + 𝛽0 + 𝛽𝑅𝐶𝐺𝑥𝑅𝐶𝐺 + 𝛽2017𝑥2017 

Long-term flooding: 𝑦 = 𝜀 + 𝛽0 + 𝛽𝑅𝐶𝐺𝑥𝑅𝐶𝐺 + 𝛽𝐿𝑇𝑥𝐿𝑇 

where  𝛽2017 is the coefficient for 2017 flooding and 𝛽𝐿𝑇is the coefficient for long-term 

flooding. We then tested for a threshold effect of 2017 flooding using a segmented 

regression model: 

2017 flooding threshold model: 𝑦 = {
𝜀 +  𝛽0 + 𝛽𝑅𝐶𝐺𝑥𝑅𝐶𝐺 + 𝛽2017𝑥2017 , 𝑥2017 ≤ 𝑋
𝜀 +  𝛽0 + 𝛽𝑅𝐶𝐺𝑥𝑅𝐶𝐺 + 𝛽2017𝑥2017 , 𝑥2017 > 𝑋

 

where X is the threshold 2017 flood duration. We used the ‘segmented’ command 

(Muggeo, 2008) for this segmented regression model. To test whether other species 

percent cover responded differently among sites, we used an interactive model that 

included terms for each site: 

Site interactive: 𝑦 = 𝜀 + 𝛽0 + 𝛽𝑅𝐶𝐺𝑥𝑅𝐶𝐺 + 𝛽𝑆𝑖𝑡𝑒𝑥𝑆𝑖𝑡𝑒 + 𝛽𝑅𝐶𝐺×𝑆𝑖𝑡𝑒(𝑥𝑅𝐶𝐺𝑥𝑆𝑖𝑡𝑒) … 

where 𝛽𝑆𝑖𝑡𝑒 is the coefficient for a given site, 𝑥𝑆𝑖𝑡𝑒 is a dummy variable for each site (i.e. 

1 if yes, 0 if no), 𝛽𝑅𝐶𝐺×𝑆𝑖𝑡𝑒(𝑥𝑅𝐶𝐺𝑥𝑆𝑖𝑡𝑒) is the interaction term for each site, and ‘…’ is the 

addition of dummy variables and interaction terms for the remaining sites. The final 

models that we tested included adding 2017 flooding to the site interactive model and a 

saturated interactive model that included all explanatory variables. We selected a best-fit 

model using the minimum AICc, then we calculated the ∆AICc for each model by taking 
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the difference between the AICc value of the best model and the AICc of other models in 

question. For each model, we evaluated residual normality assumptions by examining 

residual plots and using the Shapiro-Wilk normality test. Additionally, we used the 

Breusch-Pagan test (‘bptest’ function; Zeileis & Hothorn, 2002) to evaluate 

heteroscedasticity.  
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RESULTS 

Reed Canarygrass Performance 

For 2017 RCG height, all factors as well as the Month × Treatment and 

Month × Site × Treatment interactions were significant (Table 3; Fig. 3). In June, mean 

RCG height in Control plots was approximately two- to five-times greater than in 

experimental plots across all sites (Fig. 3). RCG height was similar in Rodeo and Oust 

plots throughout 2017, with the exception of Oust having greater height at Collischan in 

August (mean 54.8 cm vs. 32.8 cm) and at Whalen in July (mean 61.2 cm vs 42.5 cm; 

Fig. 3). RCG height in Rodeo and Oust plots increased between June and August whereas 

height in Control plots declined during this time period. However, significant differences 

remained between Control and experimental plots in August, with the exception of at 

Whalen (Fig. 3). In 2018, all RCG height factors and interactions were significant (Table 

3). There were no significant differences in the height of RCG between Control and 

experimental plots in May 2018, with the exception of RCG height in Rodeo plots being 

greater than Control plots at Root River (68.6 cm vs. 43.3 cm; Fig. 3). Between June and 

August 2018, height among plot type remained the same at all sites with the exception of 

Whitewater. Here, RCG was approximately 20 cm taller in Rodeo plots than in Control 

plots in July and August, while RCG in Oust plots was 20 cm – 30 cm shorter than in 

Control plots throughout the growing season (Fig. 3).  
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 For 2017 RCG flowering culm production, the Treatment factor was significant 

(Table 4; Fig. 4); RCG produced 0.6% to 25% the number of flowering culms in 

experimental plots as in Control plots, across all sites. Additionally, flowering culm 

production in Rodeo plots was approximately 10% of that in Oust plots across all sites, 

with the exception of at Collischan; here, flowering culm production in Oust and Rodeo 

Figure 3. Mean reed canarygrass height by month and treatment at each site. Asterisks 

indicate within-month pair-wise significant difference (P<0.05) among treatment types; 

sites with no significant difference among treatment types are indicated with ‘NS.’ 

Missing values for Collischan and Whalen in 2018 are due to flooding. 
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plots were both near zero (means 1.9 culms/m2 and 0.5 culms/m2, respectively) versus 

Control plots (mean 80 culms/m2; Fig. 4). In 2018, we were unable to count RCG 

flowering culm production at Collischan and Whalen due to flooding; thus, 2018 

flowering culm production only considers Root River and Whitewater. In 2018, RCG 

flowering culm production was significantly affected by both Site and Treatment 

(Table 4). At Root River, RCG flowering culm production in Rodeo plots was nearly four 

times greater than Control plots while flowering culm production in Oust plots was 

intermediate. At Whitewater, RCG flowering culm production in Rodeo plots was about 

four times greater than Oust while culm production in Control plots was intermediate 

(Fig. 4).  

For 2017 RCG percent cover, all factors and the Month × Site and 

Month × Treatment interactions were significant (Table 3; Fig. 5). RCG percent cover in 

control plots remained near 100% June – August whereas it increased in experimental 

Table 4. Summary of two-way factorial ANOVA F- and P-values for non-RCG 

species richness and RCG flowering culms. Significant (P<0.05) factors and 

interactions are highlighted in bold. 
  

 

  Factor and Interaction 

    

 

Response variable Treatment  Site Treatment × Site  

      

 

2017 Flowering Culms <0.001 0.520 0.348 

 (df=2, F=67.5) (df=3, F=0.8) (df=6, F=1.1) 

 

2018 Flowering Culms <0.001 0.004 0.323 

 (df=2, F=12.6) (df=1, F=9.4) (df=2, F=1.2) 

 

2017 Species richness <0.001 <0.001 0.333 

 (df=2, F=12.9) (df=3, F=32.7) (df=6, F=1.2) 

 

2018 Species richness 0.048 <0.001 0.045 

 (df=2, F=3.2) (df=3, F=12.4) (df=6, F=2.3) 
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plots during this time period at all sites (Fig. 5). RCG percent cover in experimental plots 

was significantly less than Control plots in all samples with the exception of Oust plots at 

Root River in July and August and in Oust plots at Whalen in August. Additionally, RCG 

percent cover in Rodeo plots was 15% to 40% less than Oust plots in all samples with the 

exceptions of Collischan at all time points and at Whitewater in August (Fig. 5). In 2018, 

RCG percent cover Month and Site factors as well as Month × Site and 

Month × Treatment interactions were significant (Table 3); however, there was no 

Figure 4. Boxplots of reed canarygrass flowering culm production per m2 among 

treatments at each site. Boxes indicate interquartile range, whiskers indicate range of 

data occurring within 1.5-times the interquartile range, points outside of whiskers are 

considered outliers, horizontal lines within boxes indicate median, diamonds indicate 

mean, and letters above boxes indicate within-site post-hoc test statistical groups 

(P<0.05). Flowering culms were counted within five 1-m2 quadrats per plot and then 

averaged. We were unable to count flowering culms at Collischan and Whalen in 2018 

due to flooding. 
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significant difference among treatments at Collischan, Root, and Whalen at any time 

point (Fig. 5). While there was no significant difference among treatments at Whitewater 

in May, we observed pair-wise significant differences where RCG cover in Oust plots 

was approximately 20% less than in Rodeo and Control plots in June through August. 

Figure 5. Mean reed canarygrass percent cover by month and treatment at each site. 

Asterisks indicate within-month pair-wise significant difference (P<0.05) among 

treatment types; sites with no significant difference among treatment types are indicated 

with ‘NS.’ Missing values for Collischan and Whalen in 2018 are due to flooding. 
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Litter Response 

For 2017 litter percent cover, the Site and Treatment factors as well as the 

Site × Treatment interaction were significant (Table 3; Fig. 6). There were no significant 

differences between Rodeo and Control within all sites and months except for 

Whitewater in August; here, Rodeo plots had about 10% lower litter cover than Control 

plots (Fig. 6). Although litter cover in Oust plots was significantly less than both Control 

Figure 6. Mean litter percent cover by month and treatment at each site. Asterisks 

indicate within-month pair-wise significant difference (P<0.05) among treatment types; 

sites with no significant difference among treatment types are indicated with ‘NS.’ 

Missing values for Collischan and Whalen in 2018 are due to flooding. 
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and Rodeo plots for all sites and months (with the exception of Collischan in July and 

August), the decrease was less than 20% at Collischan, Root River, and Whalen. At 

Whitewater, litter cover in Oust plots was reduced by at least 50% in June through 

August (Fig. 6). In 2018, Month and Site as well as interactions Month × Site, 

Site × Treatment, and Month × Site × Treatment significantly affected litter cover 

(Table 3). However, post-hoc tests indicated no difference between treatments with the 

exception of pair-wise differences at Whitewater in May (Oust 5% less than Control), 

June (Oust 22% less than Control; Rodeo 6% less than Control), and July (Oust 21% less 

than Control; Rodeo 10% less than Control; Oust 11% less than Rodeo; Fig. 6). 

 All 2017 litter depth factors as well as the Month × Treatment interaction were 

significant (Table 3; Fig. 7). Mean litter depths in Oust plots ranged from 0.3 cm to 

3.6 cm and were significantly less than that of Control plots for all sites and months. In 

June, litter depths in Rodeo plots were similar to those in Control plots at all sites; 

however, litter depths in Rodeo plots were significantly less than that of Control plots by 

August at Root River (5.1 cm vs 8.1 cm) and Whalen (3.4 cm vs 8.3 cm). By comparison, 

litter depths in Oust plots were approximately 56% to 78% less than that of Rodeo plots 

at all sites in June; however, litter depths in Oust plots were similar to those of Rodeo 

plots by August at Collischan and Whalen (Fig. 7). For 2018 litter depth, all factors as 

well as the Month × Site interaction were significant (Table 3). However, treatments 

were not significantly different for all samples, with the exceptions of pair-wise 

differences at Whitewater in May (Rodeo 50% less than Control and Oust), Collischan in 

August (Rodeo 45% less than Control), and Root River in August (Oust 70% less 

than Control).   
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Non-RCG Plant Response 

Volunteer plants were represented by 26 families with 55 species as well as 

unknown plants identified to 12 genera (Appendix A). In 2017, we counted 87 volunteer 

tree seedlings across the 68 plots sampled at multiple time points (Acer negundo, A. 

saccharinum, Fraxinus pennsylvanica, Populus deltoides, Celtis occidentalis, and Salix 

Figure 7. Mean litter depth by month and treatment at each site. Asterisks indicate within 

month pair wise significant difference (P<0.05) among treatment types; sites with no 

significant difference among treatment types are indicated with ‘NS.’ Missing values for 

Collischan and Whalen in 2018 are due to flooding. 
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spp.). In the test of 2017 non-RCG species richness, the Treatment and Site factors were 

significant (Table 4, Fig. 8). Non-RCG species richness in control plots was generally 

low (maximum of 2.0 species) and significantly less than Oust and Rodeo plots at all sites 

except for Root River. Non-RCG species richness even in treated plots was quite low at 

Whitewater and Whalen (approximately 2.25 species), whereas at Collischan we 

Figure 8. Boxplots of non-RCG species richness among treatments at each site. Boxes 

indicate interquartile range, whiskers indicate range of data occurring within 1.5-times 

the interquartile range, points outside of whiskers are considered outliers, horizontal lines 

within boxes indicate median, diamonds indicate mean, and letters above boxes indicate 

within-site post-hoc test statistical groups (P<0.05). Species richness data were collected 

in August 2017 and 2018. 
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observed 6.3 and 8.3 species in Oust and Rodeo plots, respectively. In 2018, non-RCG 

species richness Treatment and Site factors as well as the Treatment × Site interaction 

were significant (Table 4, Fig. 8). However, there were no significant differences among 

treatments at Collischan, Root River, or Whalen. Non-RCG species richness in 

Whitewater Rodeo and Oust plots averaged 2.7 while none were observed in Control 

plots. 

 In modeling Other plant percent cover, our best model based on AICc values was 

the interactive model using RCG cover and Site as explanatory variables; further, no 

other models had a ∆AICc < 2 (Table 5). Other plant response versus RCG cover varied 

Table 5. Summary of Akaike Information Criterion (AIC) results for the multivariate 

linear regression analysis; values are maximized log-likelihood (log ( ℒ)), the number of 

parameters (K), corrected-AIC value (AICc), the difference between AICc values of the 

best-fit model and the model in question (AICc), the Akaike weights (𝜔𝑖), and 

adjusted-𝑅2. Other species percent cover was the dependent variable as a function of 

RCG percent cover; candidate models included Site, 2017 flooding, Long-term flooding, 

and Treatment as candidate explanatory variables. Operators for model explanatory 

variables indicate additive (+) versus interaction (×) models. Segmented (Seg()) models 

tested threshold models as a function of 2017 flooding. Bold indicates best-fit model. 
  

 

 Model Explanatory Variables log ( ℒ)  K  AICc  AICc  𝜔𝑖  𝑅2  

     

 

 RCG cover × Site  -55.5 9 132.2 0.0 0.8 0.67 

 

 RCG cover × Site + 2017 flooding -55.5 10 134.9 2.8 0.2 0.67 

 

 RCG cover + 2017 flooding -83.0 4 174.6 42.4 <0.001 0.32 

 

 Seg(RCG cover + 2017 flooding) -81.2 6 175.9 43.7 <0.001 0.34 

 

 Null Model (RCG cover) -92.1 3 190.7 58.5 <0.001 0.13 

 

 RCG cover + Long-term flooding -92.1 4 192.8 60.6 <0.001 0.11 

 

 Saturated Model -32.8 41 280.0 147.9 <0.001 0.64 

 (RCG cover × Site × 2017 Flooding × Treatment) 
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across sites in both 2017 and 2018; here, we observed inverse relationships between 

Other plant cover and RCG cover at both Collischan and Whalen whereas there was no 

relationship at Root River and Whitewater (Fig. 9). The relative importance of Site as an 

explanatory variable was 1.0 (sum of Akaike weights for models containing this 

variable). Flooding in 2017 appeared to vary both among sites and from long-term trends 

(Fig. 10); when modeling Other plant percent cover as a function of flooding and RCG 

Figure 9. Regression analysis of Other species percent cover (y-axis) versus RCG percent 

cover (x-axis) by site and year. Only August percent cover data were considered for this 

analysis. 



 32 

percent cover, additive models that included 2017 flooding performed better than the null 

model (RCG percent cover only) whereas the long-term flooding additive model 

performed worse than the null model (Table 5).  The test of a threshold effect for 2017 

flooding used a segmented regression with a 2017 flooding break point of 0.149 

(approximately 27 growing season days); however, this model did not perform as well as 

the 2017 flooding additive model. The relative importance of 2017 flooding as an 

explanatory variable was 0.2; however, the model that included RCG percent cover, Site, 

and 2017 flooding as explanatory variables did not perform as well as the RCG cover and 

Site interactive model (∆AICc = 2.8; Table 5). Our saturated model (interactive model 

including all candidate explanatory variables) included Treatment; while this term 

Figure 10. Boxplots of growing season 2017 adjusted flood and long-term ( 6 years, 

2004 – 2017) flood data by site. Boxes indicate interquartile range, whiskers indicate 

range of data occurring within 1.5-times the interquartile range, points outside of 

whiskers are considered outliers, horizontal lines within boxes indicate median, and 

diamonds indicate mean. Growing season flooding for each plot was estimated by 

linear interpolation of Mississippi River (Collischan and Whalen), Whitewater River 

(Whitewater site), and Root River (Root River site) river gauge data and digital 

elevation model data. 2017 flooding was calculated using April 1 – July 31, 2017 

gauge data. 
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marginally increased the strength of some models, we dropped this term from further 

consideration because its inclusion did not markedly increase the strength of any model 

in the set (∆AICc < 2; Burnham & Anderson, 2002). 
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DISCUSSION 

Effectiveness of RCG Suppression 

Our first objective was to evaluate the effectiveness of our treatments in 

controlling established RCG for more than one growing season (Question 1, Fig. 1). 

Initial Fall 2016 treatments reduced RCG performance for much of the 2017 growing 

season. Although RCG height was comparable between Rodeo and Oust plots, Rodeo 

seemed to perform slightly better than Oust overall, particularly as the growing season 

progressed. The effectiveness of Oust may have been better had it been applied at the full 

labeled rate or if we had completed the forestry mulching in late-Summer 2016, allowed 

the RCG to re-sprout, then applied Oust to actively growing RCG in October 2016. Oust 

is also labeled for ‘hardwood release,’ where the herbicide is applied in the dormant 

season prior to bud-break of planted trees. This, along with our results, indicates that 

Oust may be effective in providing follow-up RCG control after planting trees for 

restoration. 

 While our initial results in 2017 were encouraging, RCG in experimental plots 

recovered throughout the 2017 growing season and RCG growth characteristics were 

back to that of Control plots by our May 2018 sampling. Similar to Reinhardt Adams & 

Galatowitsch (2006), the recolonization of RCG that we observed appeared to be from 

dormant rhizomes. Thus, our results underscore the importance of multiple herbicide 

treatments for effective control of RCG to fully control established plants as well as RCG 
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germinating from the soil seed bank. Schulz, Vaughan, and Remelius (2009) 

demonstrated the utility of a physiologically based approach for controlling invasive 

Lonicera spp. shrubs, with an initial mechanical treatment followed up by an herbicide 

application approximately eight growing-season weeks later, to interrupt replenishing of 

non-structural carbohydrate root reserves. A similar approach could be utilized for 

follow-up treatments on RCG; there were approximately 60 growing-season days 

between our initial herbicide treatments and our first sampling period in June 2017. The 

reduced RCG flowering, percent cover, and height in experimental plots, followed by the 

increase in RCG height and percent cover between the June and July sampling, gives 

some insight into the optimum time needed between herbicide applications. It is likely 

that a follow-up herbicide application during this time period would provide more 

complete control by disrupting RCG recovery and interrupting the replenishing of root 

carbohydrate reserves; however, site access for herbicide applications during this time 

period can be complicated by flooding in the UMR.  

Scaling Up RCG Suppression Techniques 

Our study sought to test the demonstrated techniques of Miller-Adamany et al. (in 

press) on a large-scale restoration, since some techniques evaluated by small-scale 

studies are not practical to be implemented at the larger scale (Kettenring & Reinhardt 

Adams, 2011). Weather-related year effects were important in determining restoration 

outcomes; in contrast to Miller-Adamany et al. (in press), we were unable to complete 

our scheduled follow-up herbicide applications due to warm weather in Fall 2017, snow 

in mid-April 2018, and flooding in May – June 2018. In the case of the Fall 2017 

herbicide application, our original intent was to apply herbicide after planted trees 
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(see DeLaundreau, 2019) senesced and RCG was still actively growing; however, 

unseasonably warm weather in Fall 2017 caused planted trees to not senesce until well 

into November, at which time the RCG was no longer actively growing. The size of our 

study required that herbicide applications be made by mechanized equipment and these 

multiple weather issues as well as need to avoid harming planted trees prevented our 

planned follow-up herbicide applications; at the smaller scale, it is likely we could have 

completed these applications with a more targeted approach (e.g. spraying herbicide on 

foot with a backpack sprayer). We need to develop restoration strategies using more 

thorough control prior to planting desirable plants, as well as having less-narrow 

parameters for follow-up treatments by developing an ‘adaptive management’ strategy of 

RCG control to respond to annual conditions (Almquist, Wirt, Adams, & Lym, 2015; 

Healy et al., 2015). Understanding setbacks allows for a better understanding of the study 

system and should improve future restoration outcomes (Catford, 2016; Neeson, Smith, 

Allan, & McIntyre, 2016); in the UMR, it is necessary to have a flexible control program 

to mitigate undesirable outcomes from year effects. Further, landscape position effects 

are important for prioritizing areas to restore, such as targeting areas less likely to have 

prolonged inundation, where flooding may prevent access, or where prolonged flooding 

can have negative effects on plant recruitment for the target vegetative community 

(Dixon & Turner, 2006; Kabrick, Dey, Van Sambeek, Coggeshall, & Jacobs, 2012). 

Non-RCG Plant Response 

Our second objective was to evaluate the capacities of natural plant community 

assemblages to recolonize following RCG suppression in the UMR. Our analyses showed 

that volunteer plant responses were substantially different across sites in ways which are 
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consistent with the idea that native seed limitation is an issue in our system (Fig. 1). In 

our model of non-RCG plant cover, we determined that RCG percent cover and site were 

the most important determinants of volunteer plant response. While models that included 

2017 flooding performed better than the null model, variation in flooding did not explain 

the differences in non-RCG plant response that we observed across sites. Flooding in 

2017 appeared to explain some of the plant response at the plot level (e.g. plots with 

extended inundation); however, there are variations in attributes among our four sites not 

accounted for. While litter feedbacks by RCG have been shown to be important in 

stimulating RCG invasion (Gaertner et al., 2014; Kaproth et al., 2013; Zedler, 2009), 

litter did not have a significant impact on non-RCG plants in our study; rather, it was the 

percent cover of actively growing RCG that negatively impacted other plants. Our 

observations show that RCG litter breaks down through the growing season; thus, 

controlling RCG growth and recolonization will reduce impacts of litter over time, as 

suggested by Miller-Adamany et al. (in press). 

 Ecological communities affected by plant invasion are often in highly modified 

landscapes where feedbacks among abiotic and biotic factors result in alternative states; 

past land-use affects native plant propagule availability and degraded areas often have 

limited amounts of native plant seed (Hobbs & Suding, 2009; Morimoto, Shibata, Shida, 

& Nakamura, 2017; Suding et al., 2004) or high amounts of invasive plant seed (Dalton, 

Carpenter, Boutin, Allison, & Hölzel, 2017). Our results suggest that a lack of native 

propagule availability may explain the variation in non-RCG plant response among sites; 

Collischan and Whalen had both increased cover and species richness in experimental 

plots whereas Root River and Whitewater had little non-RCG plant cover, even though 
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treatments affected RCG similarly in the first year across the four sites. While 

Whitewater did have increased species richness at the site level, this was driven by the 

presence of seed-producing trees within a limited number of plots (personal observation); 

thus, propagule supply was not uniform over the site. Following invasive plant removal, 

native propagules must be present or able to colonize from surrounding areas in order for 

desirable plant succession to occur (Flory, Bauer, Phillips, & Clay, 2017; Morimoto et 

al., 2017). We only documented 87 volunteer trees across the entire study area by the 

August 2017 survey; the bulk of these were in plots at Whitewater, near existing trees. 

Our overall lack of volunteer trees supports the idea of Miller-Adamany et al. (in press) 

that distance to forest edge is a critical determinant of natural colonization during RCG 

control. Effective restoration requires knowing a community’s ability to revegetate on its 

own following invader removal (Miller et al., 2017; Wainwright et al., 2018); systems 

lacking the ability to revegetate following invader removal will require supplemental 

native plant propagule introduction in conjunction with invader removal (Holl & Aide, 

2011; Kettenring & Reinhardt Adams, 2011; Lindenmeyer et al., 2015; Török, Helm, 

Kiehl, Buisson, & Valkó, 2018). An analysis of the soil seedbank or a direct test of native 

herb and tree seeding coupled with RCG control would have provided more insight into 

propagule availability across our sites; as such, this is a future research need that would 

provide further insight into native plant recolonization ability within the UMR. 

Management Implications 

Providing longer term RCG control is critical for restoring floodplain forest in the 

UMR; while our initial treatments were effective in reducing RCG performance, the rate 

of RCG recovery exceeded the rate of colonization by volunteer plants. Reducing 
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propagule pressure from invaders is critical in preventing re-invasion (Von Holle & 

Simberloff, 2005) and the presence of RCG has been shown to inhibit wetland herb and 

swamp white oak survival (Green & Galatowitsch, 2002; Kercher & Zedler, 2004; 

Reinhardt Adams & Galatowitsch, 2007; Reinhardt Adams et al., 2011; Zedler & 

Kercher, 2004). Our overall lack of tree colonization and lack of herb colonization at two 

sites indicate that there is likely a lack of propagule availability, thus future RCG 

suppression projects in the UMR should be coupled with planting native species. Planted 

native species should include desired species with dispersal limitations (McClain, Holl, & 

Wood, 2011; Morimoto et al., 2017; Salaria, Howard, Clare, & Creed, 2018; Török et al., 

2018), including heavy seeded species such as oak, hickory, and walnut (Knutson & 

Klaas 1998). Plant mixes should also include aggressive native species with the potential 

to compete against RCG (Healy et al., 2015; Wisconsin Reed Canary Grass Management 

Working Group, 2019); of these, a high proportion should be known for reliable 

establishment and a wide range of tolerances to overcome challenges of year effects 

(Groves & Brudvig, 2018). Although a soil seedbank may not have sufficient propagule 

volume to revegetate sites within the constraints of a restoration program, the seedbank is 

a potential source of additional biodiversity for restoration projects given effective 

long-term RCG control (Dalton et al., 2017; Reinhardt Adams & Galatowitsch, 2006); 

indeed, many of our observed volunteer species (Appendix A) were consistent with those 

documented in floodplain forest ecological assessments (Guyon & Battaglia, 2018; MN 

DNR, 2018b; WI DNR, 2018). Introduced seed may take multiple years to germinate and 

the rate of RCG recolonization has been shown to exceed the establishment of planted 

species, thus continued treatments of the invader are required at least through the native 
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plant establishment period (Healy et al., 2015; Hölzel, Buisson, & Dutoit, 2012; 

Reinhardt Adams & Galatowitsch, 2006, 2007; Smith, Reinhardt Adams, Wiese, & 

Wilson, 2016). Further, invasive plant seed dormancy can exceed 10 years, resulting in 

continued invasive propagule pressure (Blossey, Nuzzo, & Dávalos, 2017; Török et al., 

2018). Grass-selective herbicides, while not shown to eradicate RCG, may be used to 

suppress RCG following effective initial control when non-grass plants are the desired 

outcome (Annen, Tyser, & Kirsch, 2005; Healy et al., 2015; Zedler, 2009). Lastly, 

Silliman et al. (2014) showed effective usage of grazing to control the wetland invader 

Phragmites australis, a similar exploration on RCG control could provide additional 

management options after initial control treatments are applied. Published information is 

often lacking on the long-term (i.e. five years or more) effectiveness of invasive plant 

control programs (D’Antonio & Flory, 2017; Kettenring & Reinhardt Adams, 2011; 

Lindenmeyer et al., 2015). However, Flory et al. (2017) showed that invasive dominance 

can decline over time, and our results are consistent with recommendations by Holl and 

Aide (2011) that restorations need adequate funding and a plan for a 5-10 year period to 

increase probability of success through adequate invasive control as well as overcoming 

setbacks caused by year effects (Groves & Brudvig, 2018). Closing gaps between 

research and land managers is critical for successful widespread ecological restoration 

(Lamb, 2018; Wainwright et al., 2018). Here, we see that directly applying the results of 

smaller-scale research to a large-scale project can be challenging, thus land managers 

need to carefully consider how to adapt the findings from smaller-scale research to large-

scale restoration projects, and future research should focus on the applicability of small-

scale results to large-scale projects. 
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RCG: Passenger or Driver? 

While the drivers versus passenger dichotomy is a useful starting point, we 

understand that in truth an invader may act as either a driver or passenger depending on 

the context. Overall, it is difficult to assess whether RCG is a passenger or a driver (Fig. 

1) with our data alone due to our RCG control not being effective for more than one 

growing season; however, Thomsen et al. (2012) and Miller-Adamany et al. (in press) 

had positive results where native plants recolonized following RCG suppression. Despite 

only being able to apply one RCG suppression treatment, we did observe colonization of 

other plants in response to RCG suppression in plots at Collischan and Whitewater in 

both 2017 and 2018. Thus, when combined with Thomsen et al. (2012) and Miller-

Adamany et al. (in press), our results indicate that RCG behaves as a driver with native 

propagule limitation as a potential factor in the UMR. Conversely, the UMR is a 

highly-altered, complex system and hydrologic alteration and other disruptions have 

altered successional pathways. While our results show that flooding did not explain the 

variation in other plant response at the site level, flooding did have a negative effect on 

plot-level non-RCG colonization in plots that were flooded for extended periods in 2017. 

Flooding has historically been the primary disturbance to the system and flood tolerance 

is a major driver of floodplain forest composition (Curtis, 1959; De Jager et al., 2012; 

Knutson & Klaas, 1998; Romano, 2010; Turner et al., 2004), and alteration of natural 

hydrology due to the lock and dam system has been a significant stimulus of ecological 

change in the UMR (Knutson & Klaas, 1998; Romano, 2010). Hydrologic alterations 

include a raised water table and natural flooding regimes that have been disrupted in both 

duration and seasonality (Romano, 2010). Most current floodplain forest overstory trees 
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pre-date the lock and dam system, thus were recruited under different hydrologic 

conditions than present day (Guyon & Battaglia, 2018). De Jager et al. (2012) indicated 

threshold effects due to flooding on floodplain forest overstory composition and soil 

texture at 40% of the growing season and forest understory diversity at 25% of the 

growing season. When considered with these other factors, our results where models that 

included 2017 flooding performed better than the null model indicate that RCG likely 

behaves as a passenger on sites where hydrologic alteration by the lock and dam system 

has caused greater average annual flood duration during the growing season. 

In addition to hydrologic alteration, other environmental disruptions have 

influenced UMR floodplain forests. The arrival of Dutch elm disease (Ophiostoma ulmi) 

has impacted forest composition and it is likely that emerald ash borer (Agrilus 

planipennis) will have a similar effect since ash species are prominent within the system 

(Guyon & Battaglia, 2018; Johnson & Waller, 2013; Romano, 2010). Increased deer 

herbivory of young trees has the potential to alter tree species composition through 

selective browsing (Cogger et al., 2014; Ruzicka, Groninger, & Zaczek, 2010); 

additionally, deer herbivory can reduce resilience of early successional forests to flooding 

by increasing tree mortality during floods (De Jager et al., 2013). Despite these extensive 

landscape-scale alterations, our results when combined with those of Thomsen et al. 

(2012) and Miller-Adamany et al. (in press), are encouraging for the successful 

restoration of UMR floodplain forest in areas less impacted by hydrologic alteration 

where RCG is behaving more as a driver given the development of effective adaptive 

management strategies.



 43 

 

 

 

REFERENCES 

Almquist, T. L., Wirt, K. L., Adams, J. W., & Lym, R. G. (2015). Adaptive development 

of yellow toadflax (Linaria vulgaris) chemical control recommendations. Invasive 

Plant Science and Management, 8(3), 276–283. https://doi.org/10.1614/IPSM-D-

14-00082.1 

Annen, C. A. (2010). Prospects for disrupting rhizome apical dominance prior to 

chemical treatment of Phalaris arundinacea. Ecological Restoration, 28(3), 291–

299. 

Annen, C. A., Kirsch, E. M., & Tyser, R. W. (2008). Reed canarygrass invasions alter 

succession patterns and may reduce habitat quality in wet meadows. Ecological 

Restoration, 26(3), 190–192. 

Annen, C. A., Tyser, R. W., & Kirsch, E. M. (2005). Effects of a selective herbicide, 

sethoxydim, on reed canarygrass. Ecological Restoration, 23(2), 99–102. 

Bahm, M. A., Barnes, T. G., & Jensen, K. C. (2014). Evaluation of herbicides for control 

of reed canarygrass (Phalaris arundinacea). Natural Areas Journal, 34(4), 459–

464. https://doi.org/10.3375/043.034.0407 

Barnes, W. J. (1999). The rapid growth of a population of reed canarygrass (Phalaris 

arundinacea L.) and its impact on some riverbottom herbs. Journal of the Torrey 

Botanical Society, 126(2), 133–138. https://doi.org/10.2307/2997289 

Bates, D., Mächler, M., Bolker, B., & Walker, S. (2015). Fitting linear mixed-effects 

models using lme4. Journal of Statistical Software, 67(1), 1–48. 

https://doi.org/10.18637/jss.v067.i01 

Bauer, J. T. (2012). Invasive species: “back-seat drivers” of ecosystem change? 

Biological Invasions, 14, 1295–1304. 

Blossey, B., Nuzzo, V., & Dávalos, A. (2017). Climate and rapid local adaptation as 

drivers of germination and seed bank dynamics of Alliaria petiolata (garlic 

mustard) in North America. Journal of Ecology, 105(6), 1485–1495. 

https://doi.org/10.1111/1365-2745.12854 

Bolker, B., & R Development Core Team. (2017). bbmle: Tools for general maximum 

likelihood estimation (Version R package version 1.0.20). Retrieved from 

https://cran.r-project.org/package=bbmle 



 44 

Brodersen, C., Lavergne, S., & Molofsky, J. (2008). Genetic variation in photosynthetic 

characteristics among invasive and native populations of reed canarygrass 

(Phalaris arundinacea). Biological Invasions, 10(8), 1317–1325. 

https://doi.org/10.1007/s10530-007-9206-x 

Burnham, K. P., & Anderson, D. R. (2002). Model selection and multimodel inference: a 

practical information-theoretic approach (2nd ed). New York: Springer. 

Catford, J. A. (2016). Using management to determine drivers of alien plant invasion and 

limits to native restoration. Applied Vegetation Science, 19(1), 5–6. 

https://doi.org/10.1111/avsc.12212 

Catford, J. A., Daehler, C. C., Murphy, H. T., Sheppard, A. W., Hardesty, B. D., 

Westcott, D. A., … Hulme, P. E. (2012). The intermediate disturbance hypothesis 

and plant invasions: Implications for species richness and management. 

Perspectives in Plant Ecology, Evolution and Systematics, 14(3), 231–241. 

https://doi.org/10.1016/j.ppees.2011.12.002 

Chadde, S. (2013). Wisconsin flora: an illustrated guide to the vascular plants of 

Wisconsin. United States: CreateSpace Independent Publishing Platform. 

Cogger, B. J., De Jager, N. R., Thomsen, M., & Reinhardt Adams, C. (2014). Winter 

browse selection by white-tailed deer and implications for bottomland forest 

restoration in the Upper Mississippi River Valley, USA. Natural Areas Journal, 

34(2), 144–153. https://doi.org/10.3375/043.034.0204 

Curtis, J. T. (1959). The vegetation of Wisconsin; an ordination of plant communities. 

Madison: University of Wisconsin Press. 

Dalton, R. L., Carpenter, D. J., Boutin, C., Allison, J. E., & Hölzel, N. (2017). Factors 

affecting soil seed banks of riparian communities in an agricultural ecosystem: 

potential for conservation of native plant diversity. Applied Vegetation Science, 

20(3), 446–458. https://doi.org/10.1111/avsc.12313 

D’Antonio, C., & Flory, S. L. (2017). Long-term dynamics and impacts of plant 

invasions. Journal of Ecology, 105(6), 1459–1461. https://doi.org/10.1111/1365-

2745.12879 

De Jager, N. R., Cogger, B. J., & Thomsen, M. A. (2013). Interactive effects of flooding 

and deer (Odocoileus virginianus) browsing on floodplain forest recruitment. 

Forest Ecology and Management, 303, 11–19. 

https://doi.org/10.1016/j.foreco.2013.02.028 

De Jager, N. R., & Rohweder, J. J. (2017). Changes in aquatic vegetation and floodplain 

land cover in the Upper Mississippi and Illinois rivers (1989–2000–2010). 



 45 

Environmental Monitoring and Assessment, 189(2). 

https://doi.org/10.1007/s10661-017-5774-0 

De Jager, N. R., Rohweder, J. J., & Hoy, E. E. (2017). Mapping areas invaded by 

Phalaris arundinacea in Navigation Pools 2-13 of the Upper Mississippi River. 

U. S. Geological Survey. 

De Jager, N. R., Swanson, W., Strauss, E. A., Thomsen, M., & Yin, Y. (2015). Flood 

pulse effects on nitrification in a floodplain forest impacted by herbivory, 

invasion, and restoration. Wetlands Ecology and Management, 23(6), 1067–1081. 

https://doi.org/10.1007/s11273-015-9445-z 

De Jager, N. R., Thomsen, M., & Yin, Y. (2012). Threshold effects of flood duration on 

the vegetation and soils of the Upper Mississippi River floodplain, USA. Forest 

Ecology and Management, 270, 135–146. 

https://doi.org/10.1016/j.foreco.2012.01.023 

DeLaundreau, M. (2019). Controlling reed canarygrass (Phalaris arundinacea) and 

restoring floodplain forest in the Upper Mississippi River valley (M. S. Thesis). 

University of Minnesota, St. Paul, MN. 

Dixon, M. D., & Turner, M. G. (2006). Simulated recruitment of riparian trees and shrubs 

under natural and regulated flow regimes on the Wisconsin River, USA. River 

Research and Applications, 22(10), 1057–1083. https://doi.org/10.1002/rra.948 

Esri. (2018). ArcGIS 10.1. Redlands, CA: Esri. 

Fink, K. A., & Wilson, S. D. (2011). Bromus inermis invasion of a native grassland: 

diversity and resource reduction. Botany, 89(3), 157–164. 

https://doi.org/10.1139/B11-004 

Flory, S. L., Bauer, J., Phillips, R. P., & Clay, K. (2017). Effects of a non-native grass 

invasion decline over time. Journal of Ecology, 105(6), 1475–1484. 

https://doi.org/10.1111/1365-2745.12850 

Foster, R. D., & Wetzel, P. R. (2005). Invading monotypic stands of Phalaris 

arundinacea: A test of fire, herbicide, and woody and herbaceous native plant 

groups. Restoration Ecology, 13(2), 318–324. https://doi.org/10.1111/j.1526-

100X.2005.00040.x 

Fox, J., & Weisberg, S. (2011). An R companion to applied regression, Second Edition 

(Second). Retrieved from 

http://socserv.socsci.mcmaster.ca/jfox/Books/Companion 

Gaertner, M., Biggs, R., Te Beest, M., Hui, C., Molofsky, J., & Richardson, D. M. 

(2014). Invasive plants as drivers of regime shifts: identifying high-priority 



 46 

invaders that alter feedback relationships. Diversity and Distributions, 20(7), 733–

744. https://doi.org/10.1111/ddi.12182 

Green, E. K., & Galatowitsch, S. M. (2002). Effects of Phalaris arundinacea and nitrate-

N addition on the establishment of wetland plant communities. Journal of Applied 

Ecology, 39(1), 134–144. 

Groves, A. M., & Brudvig, L. A. (2018). Interannual variation in precipitation and other 

planting conditions impacts seedling establishment in sown plant communities: 

Year effects on sown communities. Restoration Ecology, 1–10. 

https://doi.org/10.1111/rec.12708 

Guyon, L. J., & Battaglia, L. L. (2018). Ecological characteristics of floodplain forest 

reference sites in the Upper Mississippi River System. Forest Ecology and 

Management, 427, 208–216. https://doi.org/10.1016/j.foreco.2018.06.007 

Guyon, L. J., Deutsch, C., Lundh, J., & Urich, R. (2012). Upper Mississippi River 

systemic forest stewardship plan. U. S. Army Corps of Engineers. 

Healy, M. T., Rojas, I. M., & Zedler, J. B. (2015). Adaptive control of Phalaris 

arundinacea in Curtis Prairie. Invasive Plant Science and Management, 8(03), 

363–373. https://doi.org/10.1614/IPSM-D-13-00106.1 

Hobbs, R. J., & Suding, K. N. (2009). Synthesis: are new models for ecosystem dynamics 

scientifically robust and helpful in guiding restoration projects? In R. J. Hobbs & 

K. N. Suding (Eds.), New models for ecosystem dynamics and restoration (pp. 

325–333). Washington D. C.: Island Press. 

Holl, K. D., & Aide, T. M. (2011). When and where to actively restore ecosystems? 

Forest Ecology and Management, 261(10), 1558–1563. 

https://doi.org/10.1016/j.foreco.2010.07.004 

Hölzel, N., Buisson, E., & Dutoit, T. (2012). Species introduction - a major topic in 

vegetation restoration. Applied Vegetation Science, 15(2), 161–165. 

https://doi.org/10.1111/j.1654-109X.2012.01189.x 

Hovick, S. M., & Reinartz, J. A. (2007). Restoring forest in wetlands dominated by reed 

canarygrass: the effects of pre-planting treatments on early survival of planted 

stock. Wetlands, 27(1), 24–39. https://doi.org/10.1672/0277-

5212(2007)27[24:RFIWDB]2.0.CO;2 

Jakubowski, A. R., Casler, M. D., & Jackson, R. D. (2013). Genetic evidence suggests a 

widespread distribution of native North American populations of reed 

canarygrass. Biological Invasions, 15(2), 261–268. 

https://doi.org/10.1007/s10530-012-0300-3 



 47 

Johnson, S. E., Mudrak, E. L., & Waller, D. M. (2014). Local increases in diversity 

accompany community homogenization in floodplain forest understories. Journal 

of Vegetation Science, 25(3), 885–896. https://doi.org/10.1111/jvs.12147 

Johnson, S. E., & Waller, D. M. (2013). Influence of dam regulation on 55-year canopy 

shifts in riparian forests. Canadian Journal of Forest Research, 43(2), 159–170. 

https://doi.org/10.1139/cjfr-2012-0390 

Kabrick, J. M., Dey, D. C., Van Sambeek, J. W., Coggeshall, M. V., & Jacobs, D. F. 

(2012). Quantifying flooding effects on hardwood seedling survival and growth 

for bottomland restoration. New Forests, 43(5–6), 695–710. 

https://doi.org/10.1007/s11056-012-9331-y 

Kaproth, M. A., Eppinga, M. B., & Molofsky, J. (2013). Leaf litter variation influences 

invasion dynamics in the invasive wetland grass Phalaris arundinacea. Biological 

Invasions, 15(8), 1819–1832. https://doi.org/10.1007/s10530-013-0411-5 

Kercher, S. M., & Zedler, J. B. (2004). Flood tolerance in wetland angiosperms: a 

comparison of invasive and noninvasive species. Aquatic Botany, 80(2), 89–102. 

https://doi.org/10.1016/j.aquabot.2004.08.003 

Kettenring, K. M., & Reinhardt Adams, C. (2011). Lessons learned from invasive plant 

control experiments: a systematic review and meta-analysis: Invasive plant 

control experiments. Journal of Applied Ecology, 48(4), 970–979. 

https://doi.org/10.1111/j.1365-2664.2011.01979.x 

Kirsch, E. M., Heglund, P. J., Gray, B. R., & McKann, P. (2013). Songbird use of 

floodplain and upland forests along the Upper Mississippi River corridor during 

spring migration. The Condor, 115(1), 115–130. 

https://doi.org/10.1525/cond.2012.110209 

Knutson, M. G., & Klaas, E. E. (1998). Floodplain forest loss and changes in forest 

community composition and structure in the Upper Mississippi River: a wildlife 

habitat at risk. Natural Areas Journal, 18(2), 138–150. 

Lamb, D. (2018). Undertaking large-scale forest restoration to generate ecosystem 

services: Landscape restoration and ecosystem services. Restoration Ecology, 

26(4), 657–666. https://doi.org/10.1111/rec.12706 

Lavergne, S., & Molofsky, J. (2004). Reed canary grass (Phalaris arundinacea) as a 

biological model in the study of plant invasions. Critical Reviews in Plant 

Sciences, 23(5), 415–429. https://doi.org/10.1080/07352680490505934 

Lavergne, S., & Molofsky, J. (2006). Control strategies for the invasive reed canarygrass 

(Phalaris arundinacea L.) in North American wetlands: the need for an integrated 

management plan. Natural Areas Journal, 26(2), 208–214. 



 48 

Lavergne, S., & Molofsky, J. (2007). Increased genetic variation and evolutionary 

potential drive the success of an invasive grass. Proceedings of the National 

Academy of Sciences of the United States of America, 104(10), 3883–3888. 

Lenth, R. V. (2016). Least-squares means: The R package lsmeans. Journal of Statistical 

Software, 69(1), 1–33. https://doi.org/10.18637/jss.v069.i01 

Lindenmeyer, D. B., Wood, J., MacGregor, C., Buckley, Y. M., Dexter, N., Fortescue, 

M., … Catford, J. A. (2015). A long-term experimental case study of the 

ecological effectiveness and cost effectiveness of invasive plant management in 

achieving conservation goals: bitou bush control in Booderee National Park in 

Eastern Australia. PLoS ONE, 10(6), 1–23. 

https://doi.org/10.1371/journal.pone.0128482 

MacDougall, A. S., & Turkington, R. (2005). Are invasive species the drivers or 

passengers of change in degraded ecosystems? Ecology, 86(1), 42–55. 

MacDougall, A. S., & Turkington, R. (2007). Does the type of disturbance matter when 

restoring disturbance-dependent grasslands? Restoration Ecology, 15(2), 263–

272. 

Mangiafico, S. (2018). R companion: Functions to support extension education program 

evaluation (Version R package version 2.0.3). Retrieved from https://cran.r-

project.org/package=rcompanion 

Maurer, D. A., Lindig-Cisneros, R., Werner, K. J., Kercher, S., Miller, R., & Zedler, J. B. 

(2003). The replacement of wetland vegetation by reed canarygrass (Phalaris 

arundinacea). Ecological Restoration, 21(2), 116–119. 

https://doi.org/10.3368/er.21.2.116 

McClain, C. D., Holl, K. D., & Wood, D. M. (2011). Successional models as guides for 

restoration of riparian forest understory. Restoration Ecology, 19(2), 280–289. 

https://doi.org/10.1111/j.1526-100X.2009.00616.x 

Merriman, M. P. (2014). Breaking the cycle: can glyphosate and willow cuttings disrupt 

positive feedbacks that sustain reed canary grass (Phalaris arundinacea) 

monocultures? (M. S. Thesis, University of Wisconsin - La Crosse). Retrieved 

from https://minds.wisconsin.edu/handle/1793/69675?show=full 

Miller, B. P., Sinclair, E. A., Menz, M. H. M., Elliott, C. P., Bunn, E., Commander, L. E., 

… Stevens, J. C. (2017). A framework for the practical science necessary to 

restore sustainable, resilient, and biodiverse ecosystems: A framework for 

practical restoration science. Restoration Ecology, 25(4), 605–617. 

https://doi.org/10.1111/rec.12475 



 49 

Miller-Adamany, A., Baumann, D., & Thomsen, M. A. (in press). Facilitating natural 

succession in a heavily invaded ecosystem. Forest Ecology and Management. 

MN DNR. (2018a). Cooperative stream gaging (CSG) [Data file]. Retrieved from 

Minnesota Department of Natural Resources (MN DNR) website: 

https://www.dnr.state.mn.us/waters/csg/index.html 

MN DNR. (2018b). Ecological system summaries and class factsheets - wetland forests: 

floodplain forest. Retrieved from 

https://files.dnr.state.mn.us/natural_resources/npc/floodplain_forest/ebf_ff_syste

m.pdf 

Morimoto, J., Shibata, M., Shida, Y., & Nakamura, F. (2017). Wetland restoration by 

natural succession in abandoned pastures with a degraded soil seed bank. 

Restoration Ecology, 25(6), 1005–1014. https://doi.org/10.1111/rec.12516 

Muggeo, V. M. R. (2008). Segmented: An R package to fit regression models with 

broken-line relationships. R News, 20–25. 

Neeson, T. M., Smith, S. D., Allan, J. D., & McIntyre, P. B. (2016). Prioritizing 

ecological restoration among sites in multi-stressor landscapes. Ecological 

Applications, 26(6), 1785–1796. 

Nelson, M. F., & Anderson, N. O. (2015). Variation among genotypes and source 

habitats in growth and fecundity of the wetland invasive plant Phalaris 

arundinacea L. Wetlands, 35(6), 1175–1184. https://doi.org/10.1007/s13157-015-

0704-9 

Nelson, M. F., Anderson, N. O., Casler, M. D., & Jakubowski, A. R. (2014). Population 

genetic structure of N. American and European Phalaris arundinacea L. as 

inferred from inter-simple sequence repeat markers. Biological Invasions, 16(2), 

353–363. https://doi.org/10.1007/s10530-013-0525-9 

Price, E. P. F., Spyreas, G., & Matthews, J. W. (2018). Biotic homogenization of regional 

wetland plant communities within short time-scales in the presence of an 

aggressive invader. Journal of Ecology, 106(3), 1180–1190. 

https://doi.org/10.1111/1365-2745.12883 

R Core Team. (2018). R: A language and environment for statistical computing. 

Retrieved from https://www.R-project.org 

Reinhardt Adams, C., & Galatowitsch, S. M. (2006). Increasing the effectiveness of reed 

canary grass (Phalaris arundinacea L.) control in wet meadow restorations. 

Restoration Ecology, 14(3), 441–451. 



 50 

Reinhardt Adams, C., & Galatowitsch, S. M. (2007). The transition from invasive species 

control to native species promotion and its dependence on seed density thresholds. 

Applied Vegetation Science, 11, 131–138. https://doi.org/10.3170/2007-7-18335 

Reinhardt Adams, C., Kauth, P. J., & Sorenson, J. W. (2011). Assessing competition 

between reed canary grass (Phalaris arundinacea) and swamp white oak 

(Quercus bicolor). Ecological Restoration, 29(4), 332–338. 

Romano, S. P. (2010). Our current understanding of the Upper Mississippi River System 

floodplain forest. Hydrobiologia, 640(1), 115–124. 

https://doi.org/10.1007/s10750-009-0063-8 

RStudio Team. (2018). RStudio: integrated development for R. Retrieved from 

http://www.rstudio.com 

Ruzicka, K. J., Groninger, J. W., & Zaczek, J. J. (2010). Deer browsing, forest edge 

effects, and vegetation dynamics following bottomland forest restoration. 

Restoration Ecology, 18(5), 702–710. https://doi.org/10.1111/j.1526-

100X.2008.00503.x 

Salaria, S., Howard, R., Clare, S., & Creed, I. F. (2018). Incomplete recovery of plant 

diversity in restored prairie wetlands on agricultural landscapes: Incomplete 

recovery of wetland plant diversity. Restoration Ecology. 

https://doi.org/10.1111/rec.12890 

Schulz, K. E., Vaughan, A., & Remelius, E. (2009). Physiologically based control of 

invasive Asiatic shrub honeysuckle. Transactions of the Illinois State Academy of 

Science, 102, 13. 

Silliman, B. R., Mozdzer, T., Angelini, C., Brundage, J. E., Esselink, P., Bakker, J. P., … 

Baldwin, A. H. (2014). Livestock as a potential biological control agent for an 

invasive wetland plant. PeerJ, 2, e567. https://doi.org/10.7717/peerj.567 

Simberloff, D., & Von Holle, B. (1999). Positive interactions of nonindigenous species: 

invasional meltdown? Biological Invasions, 1(1), 21–32. 

https://doi.org/10.1023/A:1010086329619 

Smith, A. M., Reinhardt Adams, C., Wiese, C., & Wilson, S. B. (2016). Re-vegetation 

with native species does not control the invasive Ruellia simplex in a floodplain 

forest in Florida, USA. Applied Vegetation Science, 19(1), 20–30. 

https://doi.org/10.1111/avsc.12188 

Suding, K. N., Gross, K. L., & Houseman, G. R. (2004). Alternative states and positive 

feedbacks in restoration ecology. Trends in Ecology & Evolution, 19(1), 46–53. 

https://doi.org/10.1016/j.tree.2003.10.005 



 51 

Symonds, M. R. E., & Moussalli, A. (2011). A brief guide to model selection, 

multimodel inference and model averaging in behavioural ecology using Akaike’s 

Information Criterion. Behavioral Ecology and Sociobiology, 65(1), 13–21. 

https://doi.org/10.1007/s00265-010-1037-6 

Thomsen, M., Brownell, K., Groshek, M., & Kirsch, E. (2012). Control of reed 

canarygrass promotes wetland herb and tree seedling establishment in an Upper 

Mississippi River floodplain forest. Wetlands, 32(3), 543–555. 

https://doi.org/10.1007/s13157-012-0289-5 

Török, P., Helm, A., Kiehl, K., Buisson, E., & Valkó, O. (2018). Beyond the species 

pool: modification of species dispersal, establishment, and assembly by habitat 

restoration. Restoration Ecology, 26(2), 65–72. https://doi.org/10.1111/rec.12825 

Turner, M. G., Gergel, S. E., Dixon, M. D., & Miller, J. R. (2004). Distribution and 

abundance of trees in floodplain forests of the Wisconsin River: environmental 

influences at different scales. Journal of Vegetation Science, 15(6), 729–738. 

USACE. (2018a). National Wetland Plant List. Retrieved from http://wetland-

plants.usace.army.mil/nwpl_static/v33/home/home.html 

USACE. (2018b). Water levels of rivers and lakes: Mississippi River & Passes [data file]. 

Retrieved from US Army Corps of Engineers (USACE) website: 

http://rivergages.mvr.army.mil/WaterControl/new/layout.cfm 

Von Holle, B., & Simberloff, D. (2005). Ecological resistance to biological invasion 

overwhelmed by propagule pressure. Ecology, 86(12), 3212–3218. 

Wainwright, C. E., Staples, T. L., Charles, L. S., Flanagan, T. C., Lai, H. R., Loy, X., … 

Cadotte, M. (2018). Links between community ecology theory and ecological 

restoration are on the rise. Journal of Applied Ecology, 55(2), 570–581. 

https://doi.org/10.1111/1365-2664.12975 

WI DNR. (2018). Wetland communities of Wisconsin: floodplain forest. Retrieved from 

https://dnr.wi.gov/topic/landscapes/documents/elowch7/CPFOR024WI.pdf 

Wisconsin Reed Canary Grass Management Working Group. (2019). Reed canary grass 

(Phalaris arundinacea) management guide: Recommendations for landowners 

and restoration professionals. Retrieved from 

https://dnr.wi.gov/topic/forestmanagement/documents/pub/FR-428.pdf 

Zedler, J. B. (2009). Feedbacks that might sustain natural, invaded, and restored states in 

herbaceous wetlands. In R. J. Hobbs & K. N. Suding (Eds.), New models for 

ecosystem dynamics and restoration (pp. 236–258). Washington D. C.: Island 

Press. 



 52 

Zedler, J. B., & Kercher, S. (2004). Causes and consequences of invasive plants in 

wetlands: opportunities, opportunists, and outcomes. Critical Reviews in Plant 

Sciences, 23(5), 431–452. https://doi.org/10.1080/07352680490514673 

Zeileis, A., & Hothorn, T. (2002). Diagnostic checking in regression relationships. R 

News, 2(3), 7–10. 

 

  



 

 

 

 

 

 

 

 

 

APPENDIX A 

SUMMARY OF VOLUNTEER PLANTS AMONG SITES 

  



 54 

 

Appendix A. Summary of volunteer plants in response to RCG suppression among 

Collischan (CL), Root River (RR), Whalen (WH), and Whitewater (WW) research sites. 

Taxonomy follows USACE (2018a). 

  

 

 Species  Research Site Occurrence 

    

 

 Family Aceraceae 

 

  Acer negundo L. (Boxelder) WW 

 

  Acer saccharinum L. (Silver Maple) CL, RR, WW 

  

 Family Alismataceae 

 

  Sagittaria latifolia Willd. (Duck-Potato) RR 

 

 Family Amaranthaceae 

 

  Amaranthus powellii S. Watson (Green or Tall Amaranth) WH 

 

  Amaranthus retroflexus L. (Red-Root Amaranth) CL, RR, WH 

 

  Amaranthus tuberculatus (Moq.) Sauer (Rough-Fruit Amaranth) CL 

 

 Family Araceae 

 

  Arisaema triphyllum (L.) Schott (Jack-in-the-Pulpit) WW 

 

 Family Asclepiadaceae 

 

  Asclepias incarnata L. (Swamp Milkweed) CL, RR, WW 

 

  Asclepias syriaca L. (Common Milkweed) RR, WW 

 

 Family Asteraceae 

 

  Ambrosia trifida L. (Giant Ragweed) CL, WW 

 

  Bidens cernua L. (Nodding Burr-Marigold) WW 

 

  Bidens vulgata Greene (Tall Beggarticks) CL, WW 

 

  Cirsium canadense (L.) Scop. (Canada Thistle) RR, WH, WW 

 

  Cirsium muticum Michx. (Swamp Thistle) CL 

 

  Cirsium vulgare (Savi) Ten. (Bull Thistle) RR 

 

  Erigeron canadensis L. (Canadian Horseweed) CL, RR, WW 

 

  Helenium autumnale L. (Fall Sneezeweed) WH 
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 Family Asteraceae (continued) 

   

  Hieracium sp. RR, WW 

 

  Lactuca serriola L. (Prickly Lettuce) WH 

 

  Senecio hieraciifolius L. (American Burnweed) RR, WH, WW 

 

  Solidago sp. WW 

 

  Solidago canadensis L. (Canadian Goldenrod) WW 

 

  Solidago gigantea Ait. (Late Goldenrod) WW 

 

  Symphyotrichum spp. RR, WW 

 

  Taraxacum officinale G. H. Weber ex Wiggers (Common Dandelion) RR, WH, WW 

 

  Xanthium strumarium L. (Rough Cockleburr) CL 

 

 Family Balsaminaceae 

 

  Impatiens capensis Meerb. (Spotted Touch-Me-Not) WW 

 

 Family Boraginaceae 

 

  Hackelia deflexa (Wahlenb.) Opiz (Nodding Stickseed) WW 

 

 Family Brassicaceae 

 

  Alliaria petiolata (Bieb.) Cavara & Grande (Garlic Mustard) WW 

 

  Brassica nigra (L.) W.D.J. Koch (Black Mustard) WW 

 

  Rorippa palustris (L.) Bess. (Bog Yellowcress) CL, WH, WW 

 

 Family Convolvulaceae 

 

  Calystegia sepium (L.) R. Br. (Hedge False Bindweed) CL, WW 

 

  Convolvulus sp. CL 

 

 Family Cucurbitaceae 

 

  Echinocystis lobata (Michx.) Torr. & Gray (Wild Cucumber) CL 

 

 Family Cyperaceae 

 

  Carex spp. CL, WH 

 

  Carex trichocarpa Muhl. ex Willd. (Hairy-Fruit Sedge) RR 

 

  Cyperus esculentus L. (Chufa) CL 

 

  Cyperus odoratus L. (Rusty Flat Sedge) CL 
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 Family Cyperaceae (continued) 

 

  Schoenoplectus smithii (Gray) Soják WW 

 

 Family Fabaceae 

 

  Coronilla varia L. (Crownvetch) RR 

 

  Lathyrus palustris L. (Marsh Vetchling) CL 

 

  Trifolium sp. RR 

 

  Trifolium pratense L. (Red Clover) RR 

 

  Vicia sp. CL

 .  

 Family Lamiaceae 

 

  Galeopsis tetrahit L. (Brittle-Stem Hemp-Nettle) CL, WW 

 

 Family Oleaceae 

 

  Fraxinus pennsylvanica Marsh. (Green Ash) WW 

 

 Family Poaceae 

 

  Dactylis glomerata L. (Orchard Grass) RR 

 

  Poa sp. RR 

 

  Spartina pectinata Bosc ex Link (Prairie Cord Grass) WH 

 

 Family Polygonaceae 

 

  Fallopia sp. CL 

 

  Persicaria amphibia (L.) S.F. Gray p.p. (Water Smartweed) CL, RR, WH, WW 

 

  Persicaria hydropiper (L.) Delarbre (Mild Water-Pepper) CL, WH 

 

  Persicaria lapathifolia (L.) S.F. Gray (Dock-Leaf Smartweed) CL 

 

  Persicaria pennsylvanica (L.) M. Gómez (Pennsylvania Smartweed) WH, WW 

 

 Family Ranunculaceae 

 

  Ranunculus gmelinii DC. (Lesser Yellow Water Buttercup) CL 

 

  Thalictrum dasycarpum Fisch. & Avé-Lall. (Purple Meadow-Rue) WW 

 

 Family Salicaceae 

 

  Populus deltoides Bartr. ex Marsh. (Eastern Cottonwood) CL, WH, WW 

 

  Salix sp. WH, WW 
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 Family Smilacaceae 

   

  Smilax sp. WW 

 

 Family Typhaceae 

 

  Typha sp. CL, WH, WW 

 

 Family Ulmaceae 

 

  Celtis occidentalis L. (Common Hackberry) RR, WW  

 

 Family Urticaceae 

 

  Laportea canadensis (L.) Weddell (Canadian Wood-Nettle) CL 

 

  Boehmeria cylindrica (L.) Sw. (Small-Spike False Nettle) CL, RR, WH 

 

  Urtica dioica L. (Stinging Nettle) CL, WW, WH 

 

 Family Verbenaceae 

 

  Verbena hastata L. ( Blue Vervain, Simpler’s Joy) RR 

 

  Verbena urticifolia L. (White Vervain) RR  

 

 Family Violaceae 

 

  Viola sp. WW  

 

 Family Vitaceae 

 

  Vitis riparia Michx. (River-Bank Grape) WW 
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